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Abstract  

 

Groundwater As concentrations > WHO limit (10 µg/L) are frequently found in the Po Plain (N. 

Italy). Although several hypotheses on As mobilization exist (i.e., reductive dissolution driven by 

peat degradation), the mechanisms of As release and subsequent attenuation acting in the multilayer 

aquifer in the Po Plain were poorly understood.   

The present work aims at implementing a reactive transport modeling of the aquifer system in 

Cremona, affected by As < 183 µg/L, in order to quantify and test the feasibility of As release by 

the reductive dissolution of Fe-oxides driven by the degradation of peat contained in leaky aquitards 

and As attenuation downstream by the co-precipitation in iron sulfides.  
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The model, based on a partial equilibrium approach, revealed that the observed As, Fe and Mn 

chemistry could be mostly explained by the simultaneous equilibrium between Fe-oxide and sulfate 

reduction and FeS precipitation and by the equilibrium of rhodochrosite precipitation/dissolution. 

Model results, together with litholog analysis, supported the assumption of peat as the likely source 

of organic matter driving As release. The model fitted to measured data showed that the peak in the 

organic carbon degradation rate at 20-40 m below surface (average of 0.67 mM/y), corresponding to 

the shallow peaty aquitard and the upper portion of the underlying semiconfined aquifer, is 

associated with the peak of net release of As (average of 0.32 µM/y) that is followed just 

downstream by a net precipitation in iron sulfides at 40-60 m below surface (average of 0.30 µM/y). 

These results support the assumptions of peaty aquifers as drivers of As release and iron sulfides as 

As traps. The model also outlined the following aspects that could have a broad applicability in 

other alluvial As affected aquifers worldwide: (a) shallow peaty aquitards may have a greater role in 

driving the As release since they likely have young and more reactive organic matter; (b) the 

occurrence of Fe-oxide reduction and FeS precipitation, that represent the As source and sink, 

together with sulfate reduction occurring simultaneously close to equilibrium may restrict the As 

mobility limiting the extent of contamination just downstream the source of organic matter that 

drives its release.  
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1. Introduction 

 

Arsenic affected groundwater is known to be a serious problem for human health due to its direct 

utilization for drinking supply in many regions worldwide (Ravenscroft et al. 2009). However, in 

the last few years, the attention was also focused on human exposure to As through food (Sharma et 

al. 2014) since As rich groundwater is used for crop irrigation (de la Fuente et al. 2010; Huq et al. 
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2006) and preparation of food items, e.g., cooking (Díaz et al. 2004; Torres-Escribano et al. 2008). 

In the Po Plain (northern Italy, 46 000 km2 and ~20 million inhabitants), the health risk of As 

related to drinking water is currently low since groundwater is treated, lowering As concentration to 

<10 µg/L. However, until 2000, groundwater had no purification, leading to average As 

concentrations in drinking water up to 70 µg/L, with maxima up to 190 µg/L (data for Lombardy 

Region; Castelli et al. 2005). A higher risk may be related to As entering the food chain since 

previous studies reported higher average As concentrations in rice and wheat cultivated in the Po 

Plain with respect to other Italian regions with no As affected groundwater, i.e., 230 against 110 

µg/kg for Calabria Region, southern Italy, in rice (Sommella et al. 2013) and 10.1 against 8.2 and 

8.3 µg/kg for central and southern Italy, respectively, in wheat (Cubadda et al. 2010). Moreover, 

another indication of the diffuse environmental contamination by As in the Po Plain can be given by 

its average concentration in Po River waters of 12 µg/L (Marchina et al. 2015), that exceeds the 

WHO limit of 10 µg/L, most likely related to the inflow of As bearing groundwater into the river 

(Rotiroti et al. 2014). On this background, the identification of the mechanisms of As release into 

groundwater in the Po Plain becomes a key for directing water policies to reduce the health risk of 

this geogenic contaminant.  

Previous studies pointed out that high As concentrations in groundwater in the Po Plain are found in 

semiconfined and confined aquifers under reduced conditions, generally between 50 and 120 m 

below surface (b.s.) (Molinari et al. 2013; Rotiroti et al. 2014; Zavatti et al. 1995). In particular, 

Rotiroti et al. (2014) suggested the reductive dissolution of iron oxides (Ravenscroft et al. 2009) 

driven by peat degradation as the primary mechanism of As release. Peat is commonly found in the 

lower part of the Po Plain, mostly related to fine-grained deposits acting as semipermeable aquitards 

(Amorosi et al. 2005; Amorosi et al. 2008; Baraldi et al. 2001; Miola et al. 2006). Peats were likely 

formed in abandoned meanders and zones of water stagnation generated by major river courses 

(Baraldi et al. 2001) and buried by subsequent alluvial depositions and incorporated into the 

stratigraphic sequence (Miola et al. 2006). Although peaty aquitards seem to be responsible for As 
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release in the Po Plain, together with other reduced species such as Fe, Mn, NH4 and CH4 (Carraro 

et al. 2013; Rotiroti et al. 2014; Sciarra et al. 2013; Zavatti et al. 1995), no thorough analyses were 

addressed at substantiating this hypothesis. Recent studies regarding other alluvial basins 

worldwide, particularly the Bengal Basin, highlighted the key role played by peaty aquitards on As 

release to surrounding aquifers (Desbarats et al. 2014; Planer-Friedrich et al. 2012). In particular, 

Desbarats et al. (2014) implemented a simplified 1D vertical reactive transport model to simulate 

the flushing of As from source sediments (i.e., a peaty aquitard) to the underlying aquifer 

considering a simple phenomenological representation of As release. The present work aims to test 

the As release from a peaty aquitard to the underlying aquifer in the Po Plain considering the 

reductive dissolution of Fe-oxides as mobilization mechanism by implementing a 1D vertical 

reactive transport model. 

Moreover, it was found that in the Po Plain the evolution over depth of As concentrations is 

characterized by a decrease below 120-150 m b.s. (Carraro et al. 2013; Guffanti et al. 2010; Rotiroti 

et al. 2014). This could be due the co-precipitation of As in newly formed iron sulfides (Rotiroti et 

al. 2014; Zavatti et al. 1995). In addition, Toscani et al. (2007) suggested that Fe concentrations in 

Fe-rich groundwater in the Po Plain are controlled by iron sulfides and siderite precipitation. The 

sequestration of As by co-precipitation in iron sulfides was identified as a mechanism of As 

attenuation in other alluvial systems (Buschmann and Berg 2009; Fendorf et al. 2010; Lowers et al. 

2007; Root et al. 2009).  

In summary, the reactive transport modeling presented in this work aims to check the feasibility in 

the Po Plain of (a) the As release from a peaty aquitard to the underlying aquifer by the reductive 

dissolution of Fe-oxides and (b) the precipitation of iron sulfides as a trap for groundwater As. To 

the best of our knowledge, no other studies implemented a reactive transport modeling of both As 

release from the reductive dissolution of Fe-oxides and As sequestration by the co-precipitation in 

iron sulfides along the same flowpath.     
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The present work involved (a) the aquifer characterization by a reconstruction of the 3D distribution 

of hydraulic conductivity (K), effective porosity and textural facies, (b) the identification of likely 

processes governing the hydrogeochemistry of the system and (c) the implementation of a 1D 

reactive transport modeling to check feasibility and quantify the hydrogeochemical conceptual 

model proposed (Rotiroti et al. 2014).  

 

2. Materials and methods 

 

2.1. Study Area 

 

The study area covers 150 km2 in and around the town of Cremona (N. Italy) close to the Po River 

(Figure 1a). This area is the same investigated in the previous work by Rotiroti et al. (2014). The 

subsurface is formed by Holocene and Pleistocene alluvial deposits and hosts a multilayer aquifer 

composed of five aquifer subunits: aquifers U (0-25 m b.s.), S (30-50 m b.s.), C1 (65-85 m b.s.), C2 

(100-150 m b.s.) and C3 (160-260 m b.s.). Groundwater has a component of downward flow from 

aquifer U to C2 and upward flow from C3 to C2 (Rotiroti et al. 2014). Aquifer U has a redox zoning 

(a zone with more oxidized conditions, called Uox, a zone with more reduced conditions, called 

Ured, and a zone with intermediate conditions, called Umix), whereas the underlying aquifers (S, 

C1, C2 and C3) are all anoxic (Rotiroti and Fumagalli 2013; Rotiroti et al. 2014). 

  

2.2. Aquifer Characterization 

 

The 3D distribution of textural facies, hydraulic conductivity and effective porosity was 

reconstructed using geostatistics. The 553 lithologs from boreholes located in and around the study 

area, that are stored in the TANGRAM database (Bonomi et al. 2014), were coded (Bonomi 2009) 

and interpolated by kriging through a quasi-3D stratified approach (Fabbri and Trevisani 2005) 
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using GOCAD (Paradigm 2009). Details are reported in the Supporting Information. In addition, a 

representation of peat deposits in the aquifer system was realised by a 3D map reporting its content 

(percentage of peat over all other reported lithologies) in the collected lithologs (Figure 2). It should 

be noted that this representation underestimates the real distribution of peat due to the following 

considerations: (a) in areas without boreholes the presence of peat cannot be inferred; (b) lithologs 

were made by different well loggers in different years and with different degrees of accuracy, 

therefore, in some cases, peat could have been detected but not recorded by inexperienced loggers. 

 

2.3. Speciation and Mineral Saturation  

 

The present work is based on 66 groundwater samples collected in July 2010 for major ions and 

trace elements analyses (Rotiroti et al. 2014). Conventional sampling and analytical methods were 

applied (see Rotiroti et al. 2014 for details). The samples were measured in triplicate, yielding 

average precisions of 2% for NH4, 5% for major ions, Fe and Mn and 10% for As and accuracies of 

5% for NH4 and 10% for major ions and trace elements.  

Hydrochemical data were treated using PHREEQC (Parkhurst and Appelo 2013) with the wateq4f 

database (Ball and Nordstrom 1991) to calculate speciation and mineral saturation indexes (SIs). 

Speciation was computed using pe values calculated from field ORP measurements (Rotiroti et al. 

2014). The average pe value for each aquifer was used for samples with missing measurement. 

 

2.4. Redox Processes 

 

The identification of the main redox processes governing the system was based on the partial 

equilibrium approach proposed by Postma and Jakobsen (1996) that splits the degradation of 

organic matter (OM) into two steps: (a) the hydrolyzation and fermentation of OM with the 

production of simpler compounds, e.g., formic acid, acetic acid, H2 and CO2 and (b) the 
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consumption of the fermentative products by different terminal electron accepting processes 

(TEAPs). The first step controls the overall rate whereas TEAPs are assumed to approach 

equilibrium. This approach is applicable for Mn-oxide, Fe-oxide and sulfate reduction and 

methanogenesis, whereas it is not adequate for oxygen and nitrate reduction which involves a likely 

direct metabolization of the OM by microorganisms (Appelo and Postma 2005). 

The occurrence of TEAPs near equilibrium was tested by plotting the measured data on chemical 

equilibrium diagrams (i.e., logarithmic activity plots with equilibrium lines). The following 

equilibrium system were considered: (a) simultaneous equilibrium of Fe-oxide and sulfate reduction 

and FeS precipitation (Postma and Jakobsen 1996), (b) simultaneous equilibrium of Fe-oxide and 

sulfate reduction and FeS and siderite precipitation and (c) equilibrium of Mn-oxides reduction. In 

order to check the role played by other reactions that could control the Fe2+/pH and Mn2+/pH 

relations, equilibrium control by siderite and rhodochrosite was also examined. Details on the 

stoichiometry of these reactions are reported in the Supporting Information. 

  

2.5. Transport Model Settings  

 

We implemented a 1D reactive transport model using PHREEQC considering a downward flow 

through a vertical column composed by 12 cells of 10 m that represents the first 120 m of depth 

comprising the first three aquifers (i.e., U, S and C1). The length of the cell was chosen on the basis 

of the average screen length of the wells used for the model calibration (see Sect. 2.6), that is 10.3 

m, since the SIs of minerals near equilibrium, calculated from the measured groundwater 

compositions of these wells, were imposed as geochemical boundary conditions in the model 

(Jakobsen and Cold 2007). A more refined grid (e.g., 1 m cell length) did not increase the quality of 

model results (see the Supporting Information for details).  

The choice of a 1D modeling is justified by the following consideration. First, the main aim of this 

modeling is to support the hydrogeochemical conceptual model of As release and attenuation rather 
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than to reconstruct complex 3D concentration distributions, therefore we tried to keep the model as 

simple as possible in order to minimize the quantity of input values needed and the computational 

requirements. Second, we decided to calibrate the model using the measured concentrations in the 

eastern part of the study area (see Sect. 2.6) because here, unlike in other parts, the K distribution 

(see Sect. 3.1) shows the presence of discontinuous and more conductive aquitards (silty sands) 

allowing the system to be approximated by a coherent groundwater body (at least for aquifers U, S 

and C1). Third, the previous study by Rotiroti et al. (2014) showed that no significant variation of 

redox features is seen within the same aquifer unit (i.e., same range of depth) with the exception of 

aquifer U where three zones were identified (i.e., Ured, Uox and Umix), so the projection of data on 

a vertical 1D transect can be sustained (the data from aquifer U in the eastern part of the study area, 

that were used for the model calibration, are all from Ured). Moreover, only including the first three 

aquifers is justified by the hydrodynamics of the system: groundwater flows downwards from 

aquifer U to C2 but upwards from C3 to C2. Aquifer C2 was excluded from the modeling due to a 

possible mass flow coming from the bottom (i.e., from aquifer C3). A scheme of the geometry of 

the model is shown in Table 1. Depths and thickness of aquifer and aquitard layers are average 

values derived from Section 1-1’ in Figure 1b considering mostly the hydrogeological settings close 

to the sampled wells. 

The transport was simulated for steady-state flow with a constant vertical flow from the top to the 

bottom of the column. The vertical flow velocity of 3.12 m/y was calculated from measured 

hydraulic heads and modeled hydraulic conductivity and effective porosity values (see the 

Supporting Information). No dispersion was considered because it seems to play a minor role in the 

vertical flow (Postma et al. 2007), whereas a diffusion coefficient of 0.3 x 10-9 m2/s (i.e., the 

PHREEQC default value) was included. A total period of 160 years (~4 x the travel time of the 

solution through the column) was modeled. After ~40 years, when 1 pore volume has flushed the 

system, the biogeochemistry of the system reached a quasi-steady-state. The model was left to run 

for other 120 years allowing the system to be further flushed by 3 pore volumes in order to ensure 
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the approach to a likely steady As distribution (see below). In order to effectively check the 

negligible role of vertical dispersion in this modeling, a sensitivity analysis was performed 

considering 5 different dispersivity values (0.0001, 0.001, 0.01, 0.1, 1 m) that cover the reported 

range by Gelhar et al (1992). Results (see the Supporting Information) showed that, in general, the 

use of any vertical dispersivity values did not significantly change the model results. 

The chemistry included in the model system is based on the hydrogeochemical conceptual model 

proposed by Rotiroti et al. (2014) and results of mineral saturation and redox processes analyses. 

The system includes I) equilibrium reactions: (a) the reductive dissolution of Fe-oxide with trace 

As(V), (b) the precipitation of calcite, dolomite, siderite and rhodochrosite and (c) the precipitation 

of FeS with trace As(III) and II) irreversible reactions: (a) oxidation of OM (i.e., peat) as 

(CH2O)106(NH3)4.5(H3PO4), producing inorganic C, NH4
+ and inorganic P and (b) the reductive 

dissolution of Mn-oxide. The composition of OM used in the model was obtained starting from the 

Redfield ratio (Redfield 1934) and then adjusting the molar content of NH3 by fitting modeled to 

measured NH4 concentrations. In particular for As, the model considered only an Fe-oxide with 

trace amount of arsenic as its source in groundwater. Mn-oxides were not defined as a source of As 

due to the most likely resorption to Fe-oxides (McArthur et al. 2004). Concerning the sink for 

dissolved As, the model considered the co-precipitation in iron sulfides (Buschmann and Berg 

2009; Lowers et al. 2007; Root et al. 2009). On the basis of the reductive dissolution mechanism 

(Ravenscroft et al. 2009), the arsenic released from the Fe-oxide was set as As(V), which is reduced 

and coprecipitated in FeS as As(III). We decided to neglect any surface complexation models 

(SCMs) for the following reasons: (a) the hydrogeochemical conceptual model considered the 

reductive dissolution of Fe-oxides and the co-precipitation in FeS as the main processes responsible 

for the net release and attenuation of As; these processes cannot be properly modeled by a SCM 

since the former implies the destruction of the sorption sites for As and the latter involves the 

inclusion of As into the FeS structure and not the As adsorption on the FeS surface; (b) considering 

that the processes simulated by a SCM (i.e., As adsorption/desorption on/from Fe-oxides and, 
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maybe, on/from Mn-oxides) seem to play a minor role in the net As release and attenuation in the 

Cremona area, the proposed modeling was kept as simple as possible in order to minimize the 

model uncertainty; therefore a SCM was omitted in order to avoid the increasing of model 

uncertainty for processes considered of minor importance in the system (the uncertainty is related to 

the choice of the model (Jessen et al. 2012) and their input data, as sorption sites density, etc.); (c) 

the work of Postma et al. (2007), that considered a SCM for the sorption of As on the Fe-oxides, 

pointed out that when the supply of As from the reductive dissolution reached a quasi-steady-state 

(in that case, after 2 pore volumes flushed) the sorption of As on the Fe-oxides had no further 

retarding effect on the As transport. The Cremona system is much older than the system modeled by 

Postma et al. (2007), at least below aquifer U, making it reasonable to assume that the system is 

close to a steady-state also with regards to sorption. 

The composition of the initial solutions (i.e., the solution in the cells at time zero) and solution zero 

(i.e., solution that enters the column at every time step) were based on a shallow sample from 

aquifer U (see the Supporting Information for details). The imposed SI values, considered as 

geochemical boundary conditions, varied within each aquifer and aquitard unit and they were 

adjusted as part of the model calibration (see the Supporting Information for details). 

 

2.6. Transport Model Calibration  

 

The model was calibrated by fitting modeled concentrations to the field data as done in previous 1D 

and 2D reactive transport modeling (Jakobsen and Cold 2007; Jakobsen and Postma 1999; Postma 

et al. 2007; Sigfusson et al. 2011). A subset of the measured data, composed of samples from wells 

located in the eastern part of the study area that tap aquifer U to C1 (a total of 8 wells; see the 

Supporting Information for details), was used for the calibration. In this zone, the system comprised 

of aquifers U and C1 can be considered as a coherent groundwater body making the 1D 

approximation acceptable (see Sect. 2.5). The As concentrations measured in the eastern part of the 
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area are shown in Figure 1b as a projection of the wells sampled onto a N/S cross-section of K 

values (cross-section 1-1’); the wells are further projected into a 1D column. 

The model was sensitive to the following parameters: (a) the rate of OM degradation, (b) the SI of 

the Fe-oxide, that controls its stability, and (c) the SI of the FeS. The rate of OM degradation was 

calibrated considering the fitting between simulated and measured ammonium data (the ammonium 

being released from the reacting OM), which could be considered conservative due to the anoxic 

conditions of the system. The C/N ratio of OM was set to 23.6. This value is the optimal result of an 

iterative approach testing different C/N ratios starting from the value of 15.1 (Postma et al. 2007) 

and using the matching between NH4 measured and released in the model as guidance. The SI of the 

Fe-oxide was used to control the concentration of Fe3+, that is further reduced in the reaction with 

the OM, and therefore to calibrate the Fe2+ concentration indirectly. The SI of the FeS, which has 

trace As, was used to control its precipitation, and thus, to calibrate the dissolved As concentration. 

Moreover, the As concentration was also controlled by the content of As in the Fe-oxide and FeS. A 

constant As(V)/Fe molar ratio in the Fe-oxide of 4.5 x 10-4 and a variable As(III)/Fe molar ratio in 

the FeS with a maximum of 2.0 x 10-2 were considered. These values gave the best model fit to 

measured data. The As(V)/Fe ratio of 4.5 x 10-4 is consistent with the value of 8.0 x 10-4 measured 

by oxalate extractions and 2.5 x 10-3 used in the reactive transport model in the Red River 

floodplain (Postma et al. 2007). The maximum As(III)/Fe ratio of 2.0 x 10-2 approaches that 

measured by Lowers et al. (2007) in pyrite samples from the Bengal Basin (i.e., maximum of 1.9 x 

10-2). The variable As(III)/Fe ratio in the FeS was obtained considering two different FeS phases: 

the former is pure FeS and the latter is FeS with trace As in a constant As(III)/Fe ratio of 2.0 x 10-2. 

These two different FeS phases were defined to allow the FeS precipitation also when As 

concentration was low (i.e., when As concentration was not sufficient to reach the As(III)/Fe ratio 

of 2.0 x 10-2). Since a quasi-steady-state and no kinetics were considered, the modeled 

concentrations were not sensitive to the flow velocity. This parameter only affected the absolute 

value of modeled rates while leaving the shape of the depth profile.   
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3. Results   

 

3.1. Hydraulic Conductivity and Peat Distribution 

 

Figure 1a shows the 3D distribution of the hydraulic conductivity in the study area (see the 

Supporting Information for results of textural facies and effective porosity). The eastern part of the 

study area (Figure 1a, cross-section 1-1') has consistent sandy layers (K of 60-130 m/d) that are 

mainly separated by semipermeable aquitards (K of 0.5-5 m/d) and more rarely by clayey low-

permeability layers (K of 9.6 x 10-3-3.8 x 10-2 m/d). The central part (Figure 1a, cross-section 2-2') 

shows sandy layers with generally lower thickness and conductivity (K of 40-90 m/d) that tend to 

be sharply separated by clayey layers (K of 8.6 x 10-3-3.8 x 10-2 m/d) and, more rarely, by 

semipermeable aquitards (K of 0.5-5 m/d). The western part (Figure 1a, cross-section 3-3') reveals 

intermediate conditions with a dominant content of silty sands (K of 0.5-5 m/d). Sandy layers have 

generally lower conductivity (K of 30-80 m/d) and are occasionally separated by clayey layers (K 

of 8.6 x 10-3-3.8 x 10-2 m/d). It is noted that, unlike in the other parts, the aquifers in the eastern 

zone are found to be less separated (i.e., smaller extent of clayey layers and frequent occurrence of 

silty sands) even being in direct contact at certain locations (e.g., aquifers U and S at well 69 and 

aquifers S and C1 at wells 51 and 70). Figure 2 shows that peat is commonly found in the study 

area. It is almost always associated with clayey and silty deposits.       

  

3.2. Mineral Dissolution and Redox Processes 

 

The SIs indicated that groundwater is slightly supersaturated with respect to calcite and dolomite 

(average SI of 0.65 and 0.71, respectively) and near equilibrium with rhodochrosite and siderite 
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(average SI of -0.13 and -0.12, respectively). This is clearly shown in Figure 3 by the equilibrium 

diagrams for dissolution/precipitation of the four carbonates considered.   

Figure 4a shows the diagram of the simultaneous equilibrium of Fe-oxide and sulfate reduction and 

FeS precipitation (black solid lines). Most of the data are aligned along a slope similar to the 

equilibrium lines. The equilibrium line of a hypothetical Fe-oxide that fits the data is plotted in the 

diagram (black dotted line). This line considers a solubility product of Fe-oxide for which logK = 

0.78 (41.19 considering the alternative representation of the solubility product; Cornell and 

Schwertmann 2003) that is in the range of stability of goethite (Appelo and Postma 2005) and may 

represent a microcrystalline goethite. The red lines in Figure 4a show the equilibrium lines for 

simultaneous equilibrium of Fe-oxide and sulfate reduction and FeS and siderite precipitation. The 

two types of equilibrium lines (with or without siderite) differ only slightly. This implies that it is 

difficult to distinguish a system controlled by just equilibrium with FeS from a system controlled by 

both FeS and siderite.  

The equilibrium diagram for Mn-oxides reduction is shown in Figure 4b. The equilibrium lines for 

birnessite and pyrolusite reduction (black solid lines) are far from the measured data. The 

equilibrium lines are still far from the data considering also a higher pe value, for example equal to 

5 (closer to the maximum measured value, i.e., 4.81; black dotted line in Figure 4b). Moreover, the 

slope of the equilibrium lines clearly differs from that of the data alignment. 

  

3.3. 1D Reactive Transport Modeling  

 

Figure 5 shows (a) the measured and modeled concentrations of some major ions and redox 

sensitive species over depth and (b) the modeled rates of organic carbon (OC) degradation and main 

processes involving iron, manganese and arsenic (see Table 1 and the Supporting Information for 

details).  
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Modeled ammonium concentrations could only be fitted to measured data by imposing a higher rate 

of OC degradation from cell 3 to 5 (i.e., 20-50 m b.s.) corresponding to the aquitard between 

aquifers U and S (aquitard U/S) and the upper part of aquifer S (Table 1). The average OC 

degradation rate in these three cells is 0.55 mM/y, a value that is consistent with previous studies 

(Appelo and Postma 2005). The average OC oxidation rate for the whole model (12 cells) is 0.14 

mM/y, in line with the constant value of 0.15 mM/y used by Postma et al. (2007) in their modeling. 

Modeled Fe2+ and SO4 concentrations matched their observed vertical profiles (i.e., an increase up 

to 20-30 m b.s. and a downward decrease for Fe2+ and an exponential decrease down to 50 m b.s. 

for SO4) considering a stability of Fe-oxide of logK = -0.11. Modeled rates show that the peaks of 

Fe-oxide and SO4 reduction correspond to the highest OC degradation rate in cell 4. Siderite 

precipitation has a first peak in cell 3, then a slight decrease in cell 4 where the peak in sulfate 

reduction favors the formation of FeS, and a second peak in cell 5 where sulfate reduction 

decreases. The modeled pH has a general increase over depth, consistent with the measured values, 

with a local decrease in cell 4 where the rates of OC degradation, Fe-oxide and sulfate reduction are 

the highest. The net Fe2+ rates show that its highest release is in cell 3, where OC degradation and 

Fe-oxide reduction have the first increase. In the underlying cells the net release of Fe2+ decreases 

down to cell 5. From cell 6 to 8, the rate reflects a net precipitation of Fe2+ in siderite (mostly) and 

FeS. 

The model approached the observed Mn2+ profile (i.e., a peak between 20 and 50 m b.s. and a 

downward decrease) implying the highest rate of Mn-oxide reductive dissolution, via OC, in cell 4, 

where the rate of OC degradation has the peak. The modeled rate of rhodochrosite precipitation has 

a peak in cell 3, where Mn-oxide reduction starts to increase, then decreases over depth. The net 

Mn2+ rates indicate a prevailing precipitation starting from cell 3 that continues downward with 

decreasing values. 

Modeled As concentrations matched the observed values (i.e., an increase up to 30-40 m b.s. and a 

downward decrease) imposing the As(III)/Fe molar ratio in total FeS (as the sum of the two phases) 
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with an increasing value from cell 3 to 6 (from 2.0 x 10-4 to 2.0 x 10-2) and a constant value of 2.0 x 

10-2 in the underlying cells (Table 1). The rate of As(V) release is higher in cell 4, coinciding with 

the peak of Fe-oxide reduction, whereas the precipitation of As(III) has the highest rate in cell 5, 

where the As(III)/Fe ratio in FeS has a strong increase (from 0 in cell 4 to 1.9 x 10-2 in cell 5). The 

net As rates (Table 1) show that As is mainly released in cells 3 and 4 due to the reductive 

dissolution of Fe-oxide and mainly removed in cells 5 and 6 due to the co-precipitation in FeS. 

Release of As is prevalent in cell 7 due to the ongoing Fe-oxide reduction. The net As release rates 

can be compared to the net As release rates derived from the profiles in Postma et al. (2007) which 

vary between ~0.4 and -0.2 µM/y and are consistent with the values derived here. The model 

indicated that the dissolved arsenic is mostly As(III) (average concentration = 6.5 x 10-7 M), 

whereas As(V) has very low concentrations (average of 8.0 x 10-14 M). This result is in agreement 

with the reductive dissolution mechanism (Ravenscroft et al. 2009). 

 

4. Discussion  

 

4.1. Processes Governing Dissolved Carbonate, Iron and Manganese Concentrations 

 

The supersaturation observed for carbonates can be related to the aquifer mineralogical 

composition, since sediments have an alpine origin and mainly derive from limestone formations 

(Ori 1993), combined with an internal production of inorganic carbon from OM oxidation. The 

equilibrium diagrams for calcite and dolomite (Figure 3a & b) show a different slope between the 

equilibrium line and the alignment of the measured data. This indicates that the dissolved carbonate 

species are not controlled by the calcite and dolomite dissolution equilibrium. A likely cause of this 

supersaturation and lack of alignment could be the presence of kinetic inhibitors (Appelo and 

Postma 2005) in the form of organic acids (Davis et al. 2000) and phosphates (Walter and Hanor 

1979). 
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On the other hand, the data on the rhodochrosite plot (Figure 3c) are well aligned along the 

equilibrium line, with the exception of those from Uox and Umix that are subsaturated and some 

Ured and S points that are supersaturated (with an SI up to 0.3-0.5). If we assume an origin of the 

rhodochrosite from the reduction of Mn-oxides and the production of dissolved carbonate from the 

oxidation of OM, the subsaturation in Uox and Umix could be explained by unfavorable condition 

for Mn-oxide reduction. The presence of higher manganese concentration due to Mn-oxides 

reduction and a likely kinetic inhibition of the ongoing rhodochrosite precipitation could explain the 

supersaturation in Ured and aquifer S. The alignment with the equilibrium line for the underlying 

aquifers suggests that rhodochrosite equilibrium controls the dissolved carbonate and manganese 

concentrations in the deeper part of the system.  

The siderite plot (Figure 3d) looks similar to that of rhodochrosite although the alignment with the 

equilibrium line is less clear. Points from Uox and Umix are subsaturated whereas those from Ured 

and aquifer S are supersaturated with an SI ~0.8. Similarly to rhodochrosite, the supersaturation 

could be due to higher concentration of Fe2+ generated by the Fe-oxides reduction and a likely 

kinetic inhibition of the siderite precipitation. As depth increases, FeS precipitation could take place 

and lower the Fe2+ concentration. The point from Ured that is subsaturated (well 4) is the only one 

classified as anoxic with manganese reduction (Rotiroti et al. 2014). 

The system of processes likely governing the Fe concentration are combined in the plot in Figure 

4a. The alignment of measured data along an equilibrium line could mean that the concentration of 

Fe2+, in relation to the pH, is most likely governed by concomitant Fe-oxide and sulfate reduction 

and FeS precipitation. In particular, the alignment to the equilibrium line corresponding to 

microcrystalline goethite is in accordance with the finding of limonite in the geological log reported 

by Martinelli et al. (2005), that is representative of the depositional system of the study area. 

Limonite is a mixture of Fe-oxides in varying composition where goethite is generally abundant 

(Degens 1965). The points that are not clearly aligned to the microcrystalline goethite line are 

mainly from Uox and Umix (and well 4 from Ured), where presumably sulfate reduction is not 
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occurring due to the presence of more oxidized conditions. Moreover, the plot of the line for siderite 

equilibrium alone (see the Supporting Information) shows no clear alignment to the field data. 

Therefore, this equilibrium probably has a minor effect on the relation between Fe2+ and pH. 

Results of the reactive transport model agree with these assumptions since the rates of Fe-oxide and 

sulfate precipitation and FeS precipitation have a similar profile with a peak in the same cell (i.e., 

cell 4). Moreover, the optimal value of logK of the Fe-oxide resulted in the model (i.e., logK = -

0.11) is in the stability range of goethite and approaches that for the microcrystalline goethite (i.e., 

logK = 0.78) for which a lot of field data seem to be at equilibrium.    

Concerning the Mn, the plot in Figure 3b suggests that the Mn-oxide reduction is likely far from 

equilibrium playing a minor role in controlling the Mn2+ concentration in groundwater. On the other 

hand, the plot of the equilibrium line for rhodochrosite precipitation (blue line) shows a clear 

alignment with the measured data. This confirms the assumption that rhodochrosite precipitation 

plays a key role in the control of dissolved manganese concentrations in the study area. Reduction 

of Mn-oxides does not appear to occur near equilibrium, perhaps because the high thermodynamic 

energy yield would imply unrealistically low concentrations of e.g. H2 similar to what has been 

shown for dechlorination (Heimann and Jakobsen 2006). Alternatively, at the low pe of the system, 

equilibrium with the Mn-oxides would require enormously high Mn2+ values, that can never be 

obtained because the Mn2+ concentration is limited by the solubility of rhodochrosite. These 

assumptions are also supported by the model results since a good match between modeled and 

measured data was obtained considering only the rhodochrosite precipitation as controlled by 

equilibrium and the Mn-oxide reduction as an irreversible reaction.   

In summary, the Fe2+ concentration in the aquifer system in Cremona seems to be governed by the 

simultaneous equilibrium between Fe-oxide and sulfate reduction and FeS and (maybe) siderite 

precipitation. The presence of Fe-oxides with medium stability in the system may allow the sulfate 

reduction to be energetically feasible, so the two reduction processes can take place simultaneously 
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(Postma and Jakobsen 1996). The Mn2+ and dissolved carbonate concentrations seem to be 

controlled by rhodochrosite precipitation close to equilibrium.  

 

4.2. Peaty aquitard as driver of As release 

 

The optimal C/N ratio of OM used in the model (i.e., 23.6) is close to the value of 22.3 reported for 

peat by Clark and Fritz (1997) and to the soil C/N ratio of 25.73 reported by Aitkenhead and 

McDowell (2000) for the boreal/peat mix biome. This, in addition to the finding of peat in several 

lithologs (Figure 2), confirms that the likely origin of reactive OM in the system is peat deposits. 

More precisely, the analysis of lithologs indicated that peats are associated with low-permeability 

(clays and silts) and semipermeable (silty sands) layers acting as aquitards. Therefore, peaty 

aquitards seem to be a source of reactive OM in the system.      

The model fitted to the measured data showed that the whole hydrochemistry was influenced by the 

flow of groundwater through the shallowest aquitard U/S (20-30 m b.s.). Indeed below 30 m b.s. the 

OC degradation, the Fe-oxide and sulfate reduction and the net As release rates all peak. This 

indicates that the aquitard U/S provided the reactive OM capable of driving the As release. The fact 

that the aforementioned peaks were registered just downstream the aquitard and not within it may 

indicate that part of the OM contained in the aquitard could be transported as DOC into the 

underlying aquifer.    

The fitted model also showed that the two shallower aquitards (i.e., U/S and S/C1) have a different 

capacity in driving the As release: the net rate of As release is 0.28 µM/y in aquitard U/S (cell 3) 

and 0.07 µM/y in aquitard S/C1 (average of cells 7-8). This could be related to a different reactivity 

of the OM contained in the two aquitards, indeed aquitard U/S is more shallow and young, and thus, 

most likely has more reactive (Postma et al. 2012) OM. The OM reactivity of the aquitard U/S 

simulated in the model is in line with literature data: its OC degradation rate is 0.4 mM/y (cell 3) 



 19

that is in the rage of Pleistocene age reported by Jakobsen and Postma (1994). This is consistent 

with the sediments below 20 m b.s. being most likely of Pleistocene age (Rotiroti et al. 2014).  

 

4.3. Precipitation of FeS as trap for As 

 

The alignment of most measured data along the equilibrium line in Figure 3a, that involved the FeS 

precipitation together with Fe-oxide and sulfate reduction, showed that suitable conditions for the 

precipitation of authigenic iron sulfides exist in the aquifer system in Cremona. This is confirmed 

also by the model results that showed a correspondence between the peak of FeS precipitation and 

those of the Fe-oxide and sulfate reduction rates. 

The co-precipitation of As in FeS simulated by the model gave good results in term of fitting 

measured As concentrations imposing an initial increasing As(III)/Fe molar ratio which then 

reaches a constant value.   

This could reflect that pure FeS likely only precipitates at the early stage of FeS precipitation 

whereas, with increasing As concentration, As may start to co-precipitate with a likely kinetic 

control, then, when a steady state is reached, it may co-precipitate with a constant As(III)/Fe ratio. 

The role of the co-precipitation of As in FeS in the dynamics of dissolved As is described in more 

detail in Figure 6 that compares model results for precipitation of pure FeS and the precipitation of 

FeS with As as an impurity. Without As in the FeS the modeled As concentration increases over 

depth giving a very poor fit (Jessen et al. 2008). 

 

4.4. Implication for As Mobility 

 

The occurrence of Fe-oxide and sulfate reduction and FeS precipitation close to a simultaneous 

equilibrium seems to have important implications on As mobility in the aquifer system studied. 

Indeed, the concomitant equilibrium of the processes that represents the likely source (Fe-oxide 
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reduction) and sink (FeS precipitation) of As may give some constraints to its mobility. Model 

results showed that, due to this simultaneous equilibrium, the highest net As precipitation rate (0.32 

µM/y in cell 5) is just downstream the highest net As release rate (0.32 µM/y in cell 6). This may 

indicate that, under the aforementioned concomitant equilibrium, As could be released and 

subsequently trapped over a short distance, limiting the extent of its contamination close to the 

source of OM, that is the driver of its release. In other words, we speculate that the extent of As 

contamination in groundwater could be attenuated close to the OM source that drives its release - if 

Fe-oxide and sulfate reduction and FeS precipitation approach a simultaneous equilibrium. 

Considering the peaty aquitard as source of OM, the As contamination should be more severe in the 

portion of aquifer just downstream the aquitard. This seems to be confirmed by the measured and 

modeled As concentrations in aquifer S that shows a decrease from its top (adjacent to aquitard 

U/S) to its bottom.       

    

5. Conclusions 

 

This work presented a reactive transport modeling aiming at quantifying and testing the feasibility 

of a conceptual model for As release and attenuation in the Po Plain. Model results seem to support 

the following hypothesis:  

a) the OM contained and/or derived from peaty aquitards is the likely driver of the As release 

from Fe-oxides, leading to contamination in downstream aquifers; 

b) the FeS formed by the products of Fe-oxide and sulfate reduction, that likely occur close to a 

simultaneous equilibrium, traps the dissolved As lowering its concentration. 

Other aspects emerging from this study, that may have implications in other alluvial basins 

worldwide with analogous hydrogeological and hydrogeochemical features:  

a) shallow rather than deep peaty aquitards seem to have greater importance in driving the As 

release since they likely contain young, and thus, more reactive OM;  
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b) the occurrence of Fe-oxide and sulfate reduction and FeS precipitation close to a 

concomitant equilibrium may restrict the As mobility in groundwater, attenuating As 

contamination just downstream the source of OM that drives its release.   
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Figure 1. (a) 3D reconstruction of K (m/d) in the study area. (b) Measured As in wells from the eastern part of the study 

area projected onto the cross-section 1-1’ (see the Supporting Information for well location); symbol length corresponds 

to well screen interval. Green symbols: [As] <WHO limit; yellow symbols: [As] <3 x WHO limit; red symbols: [As] 

<10 x WHO limit; purple symbols: [As] <30 x WHO limit. 
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Figure 2. Presence and content of peat in the collected lithologs; classes of peat content (%) are based on the 25th 

(20%), 50th (30%) and 75th (40%) percentiles of the data; the white part of the box bottom is outside the model. 
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Figure 3. Chemical equilibrium diagram for dissolution/precipitation of (a) calcite, (b) dolomite, (c) rhodochrosite and 

(d) siderite; solid lines are equilibrium lines. Uox: oxidized zone of aquifer U; Umix: mixed class zone of aquifer U; 

Ured: reduced zone of aquifer U; S: aquifer S; C1: aquifer C1; C2: aquifer C2; C3: aquifer C3; M: multiaquifer. 
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Figure 4. Equilibrium diagrams of (a) the simultaneous equilibrium of Fe-oxide and sulfate reduction and FeS 

precipitation (black lines) and siderite precipitation (red lines) and (b) the sole equilibrium of Mn-oxides reduction 

(black lines) and rhodochrosite precipitation (blue line). See the Supporting Information for equilibrium line equations 

and details. Uox: oxidized zone of aquifer U; Umix: mixed class zone of aquifer U; Ured: reduced zone of aquifer U; S: 

aquifer S; C1: aquifer C1; C2: aquifer C2; C3: aquifer C3; M: multiaquifer. 
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Figure 5. Measured and modeled molar concentrations of some major ions and redox sensitive species and modeled 

rates over depth; symbol length corresponds to well screen interval; negative rates indicate consumption, positive 

precipitation; negative As rates indicate As sequestration, positive As release; negative net rates indicate net 

precipitation, positive net release. Ured: reduced zone of aquifer U; S: aquifer S; C1: aquifer C1; Fe-ox: Fe-oxide 

reduction; OC: organic carbon consumption; SO4: sulfate reduction; Sid: siderite precipitation; FeS: iron sulfide 

precipitation; Mn-ox: Mn-oxide reduction; Rhod: rhodochrosite precipitation; As(V): As(V) release; As(III): As(III) 

sequestration. 
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Figure 6. Comparison of model results of As(III) and As(V) concentrations imposing (a) the sole precipitation of pure 

FeS and (b) the precipitation of FeS with trace As; symbol length corresponds to well screen interval. Ured: reduced 

zone of aquifer U; S: aquifer S; C1: aquifer C1. 
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Table 1. Geometries and corresponding hydrogeological units of the 1D reactive transport model and resulting rates 

(µM/y) of OC consumption, As(V) release from Fe-oxide and As(III) co-precipitation in FeS and As(III)/Fe molar ratio 

in FeS. 

Cell Depth (m b.s.) Unit OC ratea As(V) rateb As(III) rateb Net As rateb,c 
As(III)/Fe 

in FeS 

1 0-10 -3.12 4.2 x 10-4 0 4.2 x 10-4 no FeS prec. 

2 10-20 
aquifer U 

-3.12 0.01 0 0.01 no FeS prec. 

3 20-30 aquitard U/S -404.99 0.30 -0.02 0.28 2.0 x 10-4 

4 30-40 -934.58 0.36 0 0.36 0 

5 40-50 -311.53 0.28 -0.60 -0.32 1.9 x 10-2 

6 50-60 

aquifer S 

-3.12 0.07 -0.35 -0.28 2.0 x 10-2 

7 60-70 -3.12 0.13 0 0.13 no FeS prec. 

8 70-80 
aquitard S/C1 

-3.12 0.02 -0.02 1.6 x 10-3 2.0 x 10-2 

9 80-90 -3.12 3.0 x 10-4 -0.01 -0.01 2.0 x 10-2 

10 90-100 -3.12 1.7 x 10-4 -0.01 -0.01 2.0 x 10-2 

11 100-110 

aquifer C1 

-3.12 1.2 x 10-4 -3.7 x 10-3 -3.6 x 10-3 2.0 x 10-2 

12 110-120 aquitard C1/C2 -3.12 1.5 x 10-4 -1.9 x 10-3 -1.8 x 10-3 2.0 x 10-2 

anegative values indicate consumption. 

bnegative values indicate precipitation, positive release. 

ccalculated considering the reductive dissolution of Fe-oxide with trace As(V) as source and the co-precipitation of 

As(III) in FeS as sink. 
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